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The Sea Around Us was named after Rachel 
Carson’s book of the same title (Carson 1951), 
and thus it is fitting that it should have 
undertaken various studies on the effects 
pollutants have on marine ecosystems, in part 
inspired by Carson’s Silent Spring (Carson 1962). 
In this chapter, after a brief review of current 
issues in marine pollution, two vignettes are 
presented that examine pollutant dynamics 
in aquatic ecosystems: polychlorinated bi-
phenyls (PCBs) in the northeast Pacific and 
methylmercury in the Faeroe Islands. Then, 
two global models are presented, one on the 

Figure 13.1. Schematic representation of how pollutants move within aquatic ecosystems; note that grazing 
and predation lead to bioaccumulation (see text). (Original figure by Ms. Evelyn Liu.)
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bioaccumulation and concentration of dioxin 
in marine organisms as a result of atmospher-
ic deposition, the other on the production, 
atmospheric transport, and deposition of 
dioxin on a global basis. Although pollution 
in marine waters has direct effects less often 
than in freshwaters, it often exacerbates the 
effects of other stressors, such as overfishing. 
Thus, the concepts, methods, and software 
presented herein may be useful to future stu-
dents of marine pollution, especially in light 
of current concerns about the traceability and 
wholesomeness of seafood.

For a very long time it seemed true, espe-
cially for marine systems, that “the solution 

to pollution is dilution.” However, biomagni-
fication up the food web and bioaccumulation 
in long-lived organisms can effectively reverse 
the effect of dilution (figure 13.1), as can the 
sheer magnitude of the pollutant input. Thus, 
even the open oceans have now reached a stage 
where pollutants originating from various so-
cietal activities ranging from mining, manu-
facturing, and agriculture to consuming their 
products are reaching worrisome levels. Fore-
most is the thermal pollution and increased 
carbonic acid in the oceans, both the results of 
carbon dioxide emissions also responsible from 
global warming, which have profound effects 
on ocean life (chapter 8). Another kind of ma-

Box 13.1. The Ecotracer Routine for Tracking Nutrients and 
Pollutants
Shawn Booth and Daniel Pauly, Sea Around Us, University of British Columbia, Vancouver, Canada

Ecotracer is a subroutine within the EwE modeling framework that allows the user to simulate the flow of 
pollutants (or nutrients such as nitrogen; see Kline and Pauly 1998) in an ecosystem by tracking the gains 
and losses in the functional groups and the environment. Ecotracer estimates pollutant concentrations 
in all functional groups, including those that may have no reported data available, and forcing functions 
can be used to simulate changes of pollutant inflow rates through time.

Four parameters describe the gains and losses to the environment: the initial concentration (g/
km2); the base inflow rate (g/km2/year); the decay rate (per year), accounting for the pollutant being 
transformed to other substances; and the base volume exchange loss (per year). The initial environ-
mental concentration is a snapshot affected by the base inflow rate, which can include atmospheric 
loading, runoff, volatilization, sedimentation, and resuspension.

Five parameters are used to describe the gains and losses in the biological groups: initial pollutant 
concentration per biomass (e.g., g/t), if known; direct absorption rates (e.g., grams of pollutant/tonne 
of biomass/environment concentration/year); decay rate (per year); assimilation as a proportion 
(0–1) of the exposure; and concentration of pollutant in immigrating biomass (e.g., g/t). One group 
must have a direct absorption rate in order for the pollutant to spread to other functional groups as 
determined from trophic interactions. If long-term equilibrium concentrations are sought, the initial 
pollutant concentration per biomass does not need to be known.

Pollutant concentrations in functional groups result from five processes: the predator–prey inter-
actions as detailed in the EwE diet matrix; direct uptake from the environment for some organisms 
or diffusion across membranes; internal metabolism and decay processes, which transform the 
pollutant into other substances; migration effects; and fisheries, which can change the age structure 
of the population, resulting in changes in pollutant concentrations. Technical details are available in 
Christensen and Walters (2004).
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rine pollution is plastic pollution, much of it 
from plastic debris, some very small, which 
now contributes an increasing fraction of what 
fish (Moore 2008), marine turtles (Bugoni et 
al. 2001), and seabirds (chapter 10) mistakenly 
ingest instead of their natural prey.

The Sea Around Us used extensively, and 
further developed, ecosystem modeling tools, 
notably Ecopath with Ecosim (EwE; Pauly 
et al. 2000; Christensen and Walters 2004; 
chapter 9), which allow tracking of pollutants 
through and up a food web. This chapter thus 
briefly reviews the work of the Sea Around Us on 
pollutant tracking, including global models to 
simulate the oceanic dispersion and uptake of 
dioxin, whose global scale corresponds to the 
other issues in this volume.

Two vignettes are presented here that 
examine pollutant dynamics in aquatic eco-
systems. The first vignette presents a model of 
bioaccumulation of PCBs in the eastern Bering 
Sea of Alaska (Coombs 2004), and the second 
deals with the bioaccumulation of mercury 
in the Faeroe Islands (Booth and Zeller 2005). 
The work on PCBs and mercury relied heavily 
on the Ecotracer routine of EwE (Christensen 
and Walters 2004; box 13.1).

We present two global models for dioxin, a 
group of chemicals that have seventeen forms 
with varying toxicological effects, with the 
most toxic form, 2,3,7,8-tetrachlorodiben-
zo-p-dioxin, being classified as a human 
carcinogen (IARC 1997). One examines the 
bioaccumulation and concentration of dioxin 
in marine organisms as a result of atmospheric 
deposition (Christensen and Booth 2006; 
Booth et al. 2013), and the other aims to sim-
ulate the production, atmospheric transport, 
and deposition of dioxin on a global basis. 
However, although the estimate of dioxin 
concentrations in marine organisms relied in 
part on the Ecotracer routine, the atmospheric 
transport model was developed outside the 
EwE framework.

PCBs in Alaska’s Eastern Bering Sea
The eastern Bering Sea has undergone substan-
tial ecological changes since 1950 that have 

affected the marine community’s biomass 
and composition (NRC 1996). These changes 
have been attributed to the effects commercial 
whaling and fishing have had on the structure 
of the community (Trites et al. 1999) and to 
an oceanic regime shift in the late 1970s that 
favored the survival of one suite of species over 
another (Mantua et al. 1997). The area is also 
susceptible to depositions of pollutants that 
undergo long-range atmospheric transport, 
such as PCBs, because colder temperatures 
favor the entrapment of these pollutants in 
high-latitude areas.

PCBs are of concern because of their poten-
tial to decrease marine mammal populations 
in the eastern Bering Sea. Also, because many 
Alaskan native people consume marine mam-
mals, they are also exposed to these toxins as 
part of their traditional diet. PCBs are lipo-
philic (fat soluble), resist degradation, persist 
in the environment, accumulate in marine 
mammal and fish tissue, are highly toxic, 
and can directly affect the health of animals 
and people. Toxic effects on marine mammals 
include immunosuppression, developmental 
abnormalities, carcinogenicity, endocrine 
disruption, reproductive impairment, neu-
rotoxicity, skin disorders, tumors, and lipid 
degeneration (AMAP 1997; Kannan et al. 2000). 
Many of these effects are also observed in hu-
mans (Simmonds et al. 2002). Contaminant 
burdens may have greater impacts when 
people and animals are stressed, leading to 
compromised health, and in wild animals 
this may affect mortality levels indirectly 
(Loughlin and York 2000).

To gain a better understanding of the ef-
fects of these stressors, two ecosystem models 
were constructed using the EwE software that 
describe the eastern Bering Sea in the 1950s 
and the 1980s. Both model the accumulation 
of PCBs using the Ecotracer routine within 
EwE to assess the implications for marine 
mammals and people. In the Bering Sea, PCB 
levels rose steadily from the 1950s until the 
mid-1970s, when regulations restricting PCB 
use and production were implemented (Living-
ston and Low 1998), and this led to an initial 
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reduction of PCB concentration in wildlife, 
but PCB concentrations stopped declining and 
have stabilized since the mid-1980s (Parker and 
Dasher 1999). This leveling off suggests that 
ongoing environmental cycling and continued 
leakage of PCBs are sufficient to maintain 
concentrations at a steady state (Aguilar et 
al. 2002).

The models describing the composition and 
flows of biomass in the ecosystem were com-
pared with biomass trends taken from system-
atically collected assessment data in relation 
to fisheries and marine mammals (Trites et 
al. 1999). Similarly, concentration levels of 
PCBs were compared with reported concen-
trations. For marine mammals, simulated PCB 
concentrations in blubber were compared with 
reported blubber concentrations from male an-
imals, because approximately 90% of their PCB 
load accumulates in blubber (Becker 2000), and 
male animals accumulate PCBs throughout 
their life, as compared to females, which can 
transfer some of their burden to their fetuses 
and also to calves when they are nursing. For 
other organisms, concentrations in muscle 
tissue were used because of its large contribu-
tion to body mass (Aguilar et al. 1999). Only 
total PCBs reported as the sum of individual 
congeners in a sample analyzed using more 
accurate, sensitive, and widely recognized 
gas chromatography methods were included 
(Valoppi et al. 1998).

The onset of significant PCB input occurred 
in sediment layers deposited after 1950 (Iwata 
et al. 1993). Accordingly, PCB concentrations 
predicted using the 1950s model depended on 
bottom-up processes. For the 1950s simula-
tion, an environmental concentration of 9.2 
g/km2 (Kawano et al. 1986) and an inflow rate 
of 4.7 g/km2/year (Iwata et al. 1994) were used 
to initialize the model. Time series data were 
also included in the 1950s model to account for 
changes in PCB input over time as a result of 
increasing global PCB production before the 
mid-1970s. Species and functional groups were 
considered to lack any PCBs at initialization so 
that the model estimated the bioaccumulation 
of PCBs from a starting point of zero. Plankton 

and large flatfish incorporated PCBs by direct 
uptake from the environment, and thus these 
groups were considered to be the trophic entry 
point of PCBs. These PCBs were then trans-
ferred to the remaining biological groups via 
trophic interactions. Many organisms have 
the ability to transform PCBs in their tissues, 
and thus, for most groups, a decay rate was 
used to match the predicted PCB concentra-
tions to observed concentrations.

For the 1980s model, environmental con-
centrations were increased to 65 g/km2 (Tysban 
1999) and the inflow rate was increased to 6.3 
g/km2/year (Iwata et al. 1994) to reflect the 
increasing impact of PCBs on the ecosystem. 
Plankton groups were assigned uptake rates 
from the environment and, as in the 1950s 
model, most groups were assigned a decay 
rate. For both models, a simulation was run 
over a hundred-year time period to assess the 
movement of PCBs within the ecosystem.

Results from the 1950s model indicated that 
concentrations reached their peak in the mid-
1980s. Concentrations then slowly declined 
in a delayed response to restrictions before 
reaching a steady state. The 1980s model was 
used to forecast future PCB concentrations in 
the eastern Bering Sea, and similar to the 1950s 
model, it also predicted that concentrations 
reached their peak in the mid-1980s, followed 
by a slow decline to a steady state.

PCB concentrations in Bering Sea seawater 
(0.00065 µg/L) and sediment (0.13 ppb, dry 
weight) are two orders of magnitude lower 
than guidelines set by the U.S. Environmen-
tal Protection Agency (EPA) and the National 
Oceanic and Atmospheric Administration, 
respectively. The leveling off of PCB concen-
trations from the 1980s model suggests that 
ongoing environmental cycling and continued 
input of PCBs into the Bering Sea is sufficient 
to maintain concentrations at current levels. 
Both models suggest that, with the exception 
of toothed whales, concentrations in marine 
mammals remained between 23% (beaked 
whales) and 90% (walrus) lower than threshold 
levels throughout the time period from the 
1950s to the present (table 13.1). However, the 
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functional group “toothed whales” was within 
the 7 to 15 mg/kg wet weight threshold level 
established by Kannan et al. (2000).

Animals taken for subsistence from the 
eastern Bering Sea ecosystem are primarily 
from trophic levels 3 and 4. The results suggest-
ed that the greatest flow and concentrations 
of PCBs also occur at these trophic levels, with 
predicted concentrations in marine mammals 
and fish ranging from 0.005 to 2.15 ppm. Given 
that marine mammals and fish constitute a 
large proportion of the traditional Aleut diet, 
these concentrations, being well above EPA 
guidelines, represent a considerable contam-
inant risk for subsistence consumers. Perhaps 
the greatest contaminant concern for Alaskan 
natives is that PCB concentrations in their 
traditional foods are no longer declining, and 
the full extent of long-term chronic exposure 
for marine mammals and humans has yet to 
be realized (Carson 1962; Tanabe 2002).

Mercury in the Faeroe Islands
The Faeroe Islands are located in the North 
Atlantic Ocean southeast of Iceland, and 
their inhabitants have always relied heavily 
on marine resources for their livelihood and 
food security. In the early 2000s, fisheries 
accounted for 44.5% of gross domestic product 
(Zeller and Reinert 2004), and its traditional 
pilot whale hunt provides approximately 30% 
of total meat consumed on the islands (Faroe 
Government 2004). Although the whale hunts 
are important in terms of cultural identity 

and food security, there is also concern that 
the contaminant burden in whales could be 
detrimental to human health.

In the 1990s, it was found that children 
who were exposed prenatally to elevated levels 
of methylmercury suffered cognitive impair-
ment (Grandjean et al. 1992, 1997). Subsequent 
studies also provided evidence of attenuated 
postnatal growth due to the transfer of 
methylmercury from mother to child during 
breastfeeding. In response to these findings, 
pregnant Faeroese women were reported to 
have decreased the amount of whale meat and 
fish in their diet (Weihe et al. 2003). Methyl-
mercury exposure levels were assessed for the 
general population and for pregnant women, 
and these exposure levels were compared with 
the tolerable weekly intake levels advised by 
both the World Health Organization (WHO) 
and the EPA. Also of concern is the impact cli-
mate change may have on the accumulation of 
methylmercury: Increased temperatures lead 
to increased methylation rates, making in-
creased amounts of methylmercury available. 
Therefore, increasing exposure levels would be 
expected to be found in human populations 
relying on marine resources as part of their 
diet.

Using EwE, an ecosystem model was 
constructed for the Faeroe Islands EEZ, and 
the flow of methylmercury was described via 
the Ecotracer routine (Booth and Zeller 2005). 
The human exposure to methylmercury via 
consumption of cod and pilot whale meat 

Table 13.1. Estimated trophic level, highest concentration of PCB reached during the 1950s simulation, and the 
percentage difference between the range of the lower (7 ppm) and upper (15 ppm) threshold values established 
by Kannan et al. (2000) for the marine mammal groups modeled in the eastern Bering Sea model. Toothed 
whales are the only group that falls within immunosuppression threshold range.

Group Trophic level Concentration 
(ppm)

± Lower ± Upper

Sperm whales 4.75 1.9 –72.9 –87.3

Beaked whales 4.59 5.4 –22.9 –64.0

Toothed whales 4.36 11.3 +61.4 –24.7

Steller sea lions 4.30 1.9 –72.9 –87.3

Seals 4.01 1.2 –82.9 –92.0

Baleen whales 3.61 1.6 –77.1 –89.3

Walrus or bearded seals 3.52 0.6 –91.4 –96.0
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was examined, the two main marine species 
providing most protein in the traditional 
diet. The environmental concentration was 
increased from 3.3 to 3.6 g/km2 over 100 years 
to approximate the increase in the amount 
of methylmercury in the water column 
since the onset of the Industrial Revolution 
(Mason and Sheu 2002). The base inflow rate 
was considered to be only from atmospheric 
deposition and a value of 0.113 g/km2/year was 
used (Downs et al. 1998). In the first hundred 
years of the simulation, biotic groups and the 
environment were allowed to equilibrate to 
“present” conditions so that the predicted 
concentrations from the model simulation fell 
within the range of reported values. To assess 
the impacts of changes in fishing mortality 
rates and the effects of increasing methylation 
rates as a result of climate change on the eco-
system, a second simulation was undertaken 
from the present to 100 years in the future. We 
investigated the results of ocean temperature 
changes of 0.4°C and 1.0°C per century, the 
range expected by the International Panel 
on Climate Change (IPCC 2001). Changes in 
fishing and whaling mortality rates of 20% 
were also simulated on all targeted species, 
and the combined effects of climate change 
and changes in mortality rates were also 
investigated.

Methylmercury exposure levels based on 
the consumption of 12 g of pilot whale meat per 
week and 72 g of cod per week for the general 
population (Vestergaard and Zachariassen 
1987) were compared with the tolerable weekly 
intake (TWI) limits set by the WHO of 1.6 µg/
kg body weight and to the more risk-averse 
EPA value of 0.7 µg/kg body weight.2 Weekly 
intake levels were also assessed for pregnant 
women who lowered their consumption to 1.45 
g of pilot whale meat per week and 40.2 g of 
cod per week (Weihe et al. 2005). Model results 
indicate that women who changed their diets 
are below the limits set by the WHO and the 
EPA under both climate change scenarios and 
under the scenarios of changing fishing mor-
tality rates. However, currently and under all 
scenarios the general population is above the 
methylmercury exposure levels set by the EPA, 
but for the WHO limits, the results depend 
on a person’s body weight. Currently, people 
who weigh less than 102 kg and consume the 
reported average amount of pilot whale and 
cod are above the WHO limit, and under both 
climate change scenarios more people would 
be above the limit (figure 13.2).

Changes in the fishing and whaling 
mortality rates affected the concentration of 
methylmercury in the species and functional 
groups. Decreasing mortality rates on tar-

Figure 13.2. Weekly intake of methylmercury for the general population in the Faeroes and for pregnant women 
who lowered their intake of pilot whale and cod, the two marine species dominant in the traditional diet. People 
who weigh less than approximately 100 kg are above the WHO and EPA TWI limits, and pregnant women who 
lowered their weekly intake of pilot whale and cod are below the WHO and EPA TWI limits, irrespective of body 
weight. (Modified from Booth and Zeller 2005.)
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geted species and functional groups led to an 
increase in biomass for the targeted species, 
but the prey items of these groups in the sim-
ulation showed a decrease in methylmercury 
concentrations. Decreasing the fishing and 
whaling mortality rates on targeted species, 
in the model simulation, leads to a decrease in  
the production/biomass (P/B) ratio, lowering 
the turnover rate of the population, and has the 
effect of extending longevity, allowing a longer 
time for accumulation to occur in the targeted 
species. However, simulating an increase in 
biomass for the targeted species also has the 
effect of decreasing the longevity of targeted 
species’ prey items, thus lowering methylmer-
cury concentrations in prey groups. Increasing 
mortality rates on targeted species had the 
opposite effect: lowered methylmercury con-
centrations in targeted species and groups, 
with consequential increases in concentrations 
of methylmercury in their prey items.

Global Models
Bioaccumulation of Dioxin

A global model involving spatial data was 
developed to describe the movement of 
dioxin up through the marine food web of 
the global oceans using the Ecospace and 
Ecotracer routines of the EwE modeling 
routine (Christensen and Booth 2006). It uses 
input data from a preliminary spatial dioxin 
ocean loading model as a result of atmospheric 
depositions (Zeller et al. 2006). Studies looking 
at the effects of dioxin in marine ecosystems 
are lacking, with most studies examining only 
concentrations in species of concern.

The underlying Ecopath model includes 
forty-two functional groups and is based on 
a modified model (Generic 37) developed for 
database-driven model construction distrib-
uted with the EwE software. The ecosystem 
is represented by a grid of 2° latitude × 2° 
longitude cells and extends from the equator 
to 70° latitude north and south. The oceans are 
divided into two depth zones (<200 m, >200 m), 
and most functional groups were assigned to 
both zones, except for small demersal fishes, 
reef fishes, seals, corals, and benthic plants, 

which were assigned to the shallower depth 
zone. Functional groups were assigned to all 
nineteen FAO statistical areas, and the groups 
were assigned primarily on estimates of pri-
mary production.

The modeling approach involved using pre-
dation, catches, and an assumed ecotrophic 
efficiency to estimate the biomass of each 
functional group. Default values for the Ge-
neric 37 model were maintained, but density 
levels were assigned for large sharks (0.1 t/
km2), jellyfish (0.1 t/km2), seals and other 
pinnipeds (0.003 t/km2), toothed whales (0.002 
t/km2), baleen whales (0.001 t/km2), seabirds 
(0.001 t/km2), macrobenthos and meiobenthos 
(1.5 and 2 t/km2, respectively), corals (1 t/km2), 
soft corals and sponges (2 t/km2), and benthic 
plants (10 t/km2). Catch data for each function-
al group were taken from the Sea Around Us and 
represent the catch taken in 2000. Spatially 
explicit data used in the Ecospace routine in-
clude primary production, biomass estimates 
for zooplankton, macrobenthos and meioben-
thos, small and large mesopelagic fishes, and 
depth information for each half-degree spatial 
Sea Around Us cell.

Concentrations of dioxin in marine organ-
isms were sourced mainly from the primary 
literature and represent reported values since 
1990 in toxic equivalencies (TEQs). Seventeen 
congeners of dioxin have been reported as 
being toxic, and data reported as individual 
congeners were transformed into TEQs using 
the appropriate toxic equivalency factors (TEFs; 
Van den Berg et al. 1998). Concentrations in 
marine mammals were standardized to ng/kg 
lipid weight, and those for other organisms 
were standardized to ng/kg wet weight. Spe-
cies with reported values were sorted into their 
respective functional groups and were placed 
within their representative region.

In the oceans, direct uptake rates of dioxin 
by primary producers and invertebrates are an 
important pathway for the transfer of pollut-
ants up the food web. However, because of the 
lack of data on uptake rates, we assume that 
the dioxin is taken up only by phytoplankton 
once deposited to the ocean, and to prevent the 
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accumulation of dioxin in the oceans, a decay 
rate was used for the environment (table 13.2). 
Thus, concentrations in the biota are a result 
of uptake of dioxin by phytoplankton and 
trophic transfer through the food web with no 
decay in biota. Under these initial conditions, 
the simulation was run for 22 years, and the 
results from the model were compared with 
the reported concentration values.

After the simulation was run, most groups 
reached equilibrium dioxin concentrations, 
excluding the whales (baleen and toothed), 
seals, and bird groups, which are long-lived 
(figure 13.3).

Excluding four outliers, the regression 
between predicted and observed dioxin 
concentrations explains 25% of the variation 
in the sample values (p << 0.001; figure 
13.4) with a slope value of 0.84. Of the four 
outliers, two were associated with the polar 
regions, and the other two were associated 
with coastal areas in Asia. Predicted values 
for polar regions may be affected by both the 
duration of the atmospheric model (one year) 
and nonconsideration of reemission of dioxin 
from land back to the atmosphere caused by 
the “grasshopper effect” (Wania and Mackay 
1996). Values for the coastal regions in Asia 
may also be affected by the input from coastal 
runoff and riverine outflow. The grasshopper 
effect and nonatmospheric inputs are not 
included in the preliminary atmospheric 
transport and deposition model of dioxin (but 
they were considered in the deposition models 
further below).

An important outcome of using a global 
EwE model with the Ecospace routine is that 
Ecotracer can predict the observed values of 
dioxin, although only within two orders of 
magnitude. The predictive power could be 
improved by having larger sample sizes for 
underrepresented areas. Because most concen-
tration values are reported from coastal areas in 
developed countries (figure 13.5), samples from 
depths greater than 200 m and from develop-
ing areas could lead to a better fit. Improved 
fits may also be achieved by improving the 
atmospheric transport and deposition model to 
include the grasshopper effect, coastal runoff, 
and riverine inputs of dioxin, and these effects 
were considered in the updated atmospheric 
model for dioxin (see below).

Global Deposition of Atmospherically 
Released Dioxin

As a follow-up to the modeling work reported 
above, a global model of dioxin was developed 
that includes production, atmospheric diffu-
sion and dispersion, transport from land to 
coastal waters, and depositions to land and 
oceans (Booth et al. 2013). Its purpose was to 
highlight the deposition of dioxin in marine 

Figure 13.3. Predicted concentrations of dioxin in the 
global marine ecosystem model for each functional 
group, listed in order of highest to lowest values (top 
to bottom). At the end of the 22-year simulation, equi-
librium had been reached in most functional groups, 
excluding whales (toothed and baleen), seals, and 
birds. (Adapted from Christensen and Booth 2006.)

Table 13.2. Starting values used in the Ecotracer 
routine for the environment and biota.

Ecotracer inputs Value

Initial concentration 0.1 t/km2

Base inflow rate 1.0 t/km2/year

Decay rate 1.0/year

Phytoplankton 
uptake rate

0.5 t dioxin/t in environ-
ment/t phytoplankton/year
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areas including countries’ EEZs and the high 
seas to improve models such as that presented 
previously on the bioaccumulation of dioxin 
in marine ecosystems. Dioxin concentrations 
measured in marine organisms result from 
the input of dioxin to the oceans, but dioxin 
is not measured in the water column, and 
thus organism concentrations and sediment 
concentrations have served as a proxy to in-

dicate areas that are more affected by dioxin 
than others. Monitoring programs for dioxin 
concentrations in organisms are sparse, and 
developing countries lack the resources to 
properly monitor the impacts. Thus, this 
model, of which only an outline is presented 
here (but see Booth et al. 2013) identifies areas 
of potential concern, that is, where airborne 
dioxins are likely to be deposited.

Figure 13.4. Predicted versus observed dioxin concentrations in various marine organisms (see text). The 
dashed line represents the case where the predicted values match the observed values, and the solid line is a 
fitted regression (r2 = 0.25; p < 1.7e–13). Open symbols are from 4 sample areas considered to be outliers and not 
included in the regression. (Adapted from Christensen and Booth 2006.)

Figure 13.5. Predicted relative dioxin concentration in small pelagic fishes. Scale is from white to light blue to 
green, yellow, and orange. Note high concentrations in the waters around Asia, Europe, and North America, 
and lower concentrations in South America, Africa, and Australia. (Adapted from Christensen and Booth 2006.)
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A previous global mass balance of dioxin 
estimated global annual emissions of 13,100 
kg ± 200 kg (Brzuzy and Hites 1996), which 
assumed that annual depositions to oceans 
contributed 5% to the global mass balance. 
In a preliminary run of our model we found 
that ocean depositions were approximately 
38% and therefore increase global emissions 
to 17,226 kg. Mass balance studies have shown 
that depositions of dioxin are about ten times 
greater than reported emissions because of the 
formation of dioxin from pentachlorophenol, 
a common wood preservative, by photo-
chemical transformation in the atmosphere 
(Baker and Hites 2000). Thus, each emission 
value was multiplied by 9.7 to account for 
this discrepancy, and the estimated annual 
emissions were considered to be released in 
weekly increments.

The production of dioxin for thirty-five 
countries was based on their reported invento-
ries of annual atmospheric releases, with most 
of these countries having a single estimate 
between 1995 and 2002 (see Supplementary 
Online Material in Booth et al. 2013). The year 
1998 was chosen as representative for the 
emission inventories, corresponding gross 
domestic product (GDP) data, and population 
data (see Chen 2004 for an example). Popula-
tion data for each of the thirty-five countries 
were used to transform GDP and atmospheric 

releases of dioxin into per capita rates. The line 
of best fit through these points, representing 
an environmental Kuznets curve, was used to 
generate the atmospheric dioxin emissions for 
countries that have not completed a dioxin 
inventory (figure 13.6).

Within each country, we assigned dioxin 
emissions using spatial estimates of GDP. A 
global data set of spatialized estimates of GDP 
(Dilley et al. 2005) were mapped onto a global 
grid of half-degree cells, and dioxin emissions 
were then made directly proportional to the 
fraction that each land cell contributed to the 
country’s total GDP per land area (i.e., GDP/
km2).

Dioxin dispersion in the atmosphere in-
volved diffusion and the transport of dioxin 
with wind. Weekly releases of dioxin to the 
atmosphere were subjected to diffusion, 
using the diffusion constant for 2,3,7,8-TCDD 
dioxin of 4.86 × 10–6 m2/s (Chiao et al. 1994), 
and to global wind patterns. Wind data 
consisted of global daily means of east–west 
and north–south wind components from the 
40-year reanalysis dataset of the European 
Center for Medium-Range Weather Forecasts 
(2006). These data were further averaged over 
the 1991–2000 time period into weekly values.

The deposition of dioxin was simulated 
using the data in table 13.2 and the charac-
teristic travel distance approach (CTD), which 

Figure 13.6. Environmental Kuznets curve used to estimate countries’ per capita dioxin emissions. Original data 
used in Baker and Hites (2000) are shown in square symbols, new data are shown in circles, with China (open 
circle) omitted from analysis. (Adapted from Booth et al. 2013.)
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describes the distance an airborne semivolatile 
organic pollutant travels before reaching 1/e 
(i.e., ~37%) of its initial value (Bennett et 
al. 1998). The temperature-dependent CTD, 
which accounts for the grasshopper effect, 
for 2,3,7,8-TCDD dioxin was used to estimate 
the amount of dioxin deposited from the 
atmosphere to land and water (Beyer et al. 
2000). Because the distance traveled depends 
on temperature and wind speeds, we used the 
temperature-dependent CTD for 2,3,7,8-TCDD 
dioxin at 5°C, 15°C, and 25°C (Klasmeier et al. 
2004) to derive a temperature-dependent CTD 
for temperatures greater than 0°C.

The CTD is described by wind speed and the 
effective decay rate,

CTD = μ /ke�,	 (13.1)

where µ is the wind speed (m/s) and keff (per 
second) is the effective decay rate. The effective 
decay rate accounts for the transfer of dioxin 
from air to land and water surfaces and to 
biological components (e.g., plants). Because 
each geographic information system (GIS) 
cell has the wind speed and temperature as 
an attribute, a temperature-dependent CTD 
is defined, and therefore we rearrange the 
equation to solve for the effective decay rate 
for each GIS cell,

ke� = CTD/μ .	 (13.2)

Water basin transport of dioxin from land 
to coastal marine areas was also simulated 
using water runoff amounts as the driver. 

Data kindly supplied by Dr. C. J. Vörösmarty 
of the Water Systems Analysis Group at the 
University of New Hampshire (www.wsag 
.unh.edu) describe a global total of 6,031 
basins, with 5,865 basins identified as 
ultimately exiting to coastal marine waters 
and 166 identified as landlocked. To identify 
coastal cells that receive dioxin via water 
basin transport, salinity gradient plots were 
used to determine whether a basin’s outflow 
created a freshwater plume in marine waters. 
For discharge areas that had plumes, dioxin 
was deposited into the cells that created the 
plume; for river discharge areas that did not 
have identifiable plumes, we specified a single 
central coastal cell to receive the dioxin. For 
regions between 0° and 65° latitude N or S, we 
used a salinity threshold of 30 psu to identify 
freshwater plumes, whereas for regions locat-
ed above 65° latitude N or S, we used a salinity 
threshold of 25 psu because of the large inputs 
of freshwater that remain in surface waters in 
polar areas. Salinity data were taken from the 
World Ocean Atlas 2005 (Antonov et al. 2006).

Water runoff was shown to be the dominant 
pathway of dioxin transport in a Japanese wa-
tershed (Kanematsu et al. 2009), accounting 
for more than 98% of total dioxin transport. We 
used a proportionality constant of 0.0004/year, 
derived from two studies examining dioxin 
transport (Vasquez et al. 2004; Kanematsu et 
al. 2009), in combination with water runoff 
data for each water basin (Fekete et al. 2000) to 
transport dioxin from water basins to coastal 
marine cells.

We simulated the dispersion and deposi-
tion of airborne dioxin by a two-dimensional 
diffusion–advection differential equation:

where A is the amount of dioxin in a grid cell, 
D is the diffusion coefficient (4.86 × 10–6 m2/s), µ 
and ν are the wind velocity components (in the 
N–S direction and E–W direction, respectively), 
and lambda (λ) is the decay rate (i.e., keff).

∂A
∂t

∂A∂
∂x ∂x

D ( μ      A )= +
∂A∂

∂y ∂y
∂

∂x
D — ( v      A ) λ      A , 

∂
∂x

— — 	 (13.3)
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To numerically estimate the spatial and 
temporal amount of airborne dioxin above 
each cell, a finite difference technique using 
the alternating direction approach was used 
(Sibert and Fournier 1991). Briefly stated, 
the alternating direction approach requires 
that the amount of dioxin above each cell is 
determined by splitting each time step in half, 
determining the amount of dioxin at the end 
of the first half time step in a row-by-row 
fashion, and then determining the amount 
of dioxin at the end of each second half time 
step by column. Thus, we divided our 30-s time 
steps into two 15-s time steps and solved for 
the E–W and then the N–S movement. These 
two half time step processes were repeated for 
each time step in a week. To maintain mass 
balance, we redistributed any losses in the 
cumulative amount of dioxin in the system 
at the end of each time step, based on each 
cell’s proportion of the overall total. The entire 
computation was repeated for each week of 
the year.

At the beginning of each week, each grid 
cell received its GDP-based share of global 
dioxin production, which was added to the 
amount that remained airborne at the end 

of the previous week. A circular boundary 
condition was also applied at all four edges of 
the global cell grid. In effect, this reconnected 
the cells in the rightmost column (i.e., 180°E 
longitude) to the cells of the same latitudes in 
the leftmost column (i.e., 180°W longitude). 
The application of the circular boundary con-
dition also meant that the cells in the top 
row (i.e., 90°N latitude) were reconnected 
to those in the same row with a longitude 
difference of 180°. Similar reconnection of 
cells in the bottom row (i.e., 90°S latitude) 
also occurred.

For each cell, the amount of dioxin depos-
ited to the earth’s surface within each time 
step was determined as

Dioxin deposited = A * (1 – exp[–(ω/CTD)(ts)]),	
(13.4)

where A is the amount of airborne dioxin 
above each cell, ω is the wind speed, CTD is the 
temperature-dependent characteristic travel 
distance, and ts is the time step (30 s).

The computer simulation of dioxin pro-
duction suggested several areas of high local 
production of dioxin due to higher levels of 

Figure 13.7. Global production of dioxin as toxic equivalents of 2,3,7,8-tetrachlorodibenzo-p-dioxin spatialized over 
the earth’s surface, with emissions based on an environmental Kuznets curve. (Adapted from Booth et al. 2013.)
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economic activity (figure 13.7). These were 
dominated by eastern North America, Europe, 
South Asia (particularly the Indian subconti-
nent), and East Asia (China, Japan, and South 
Korea). Countries belonging to the G20 account 
for more than 80% of the estimated annual 
emissions, with Japan, the United States, and 
China accounting for 30% of annual global 

emissions. However, it is smaller states such 
as Singapore and Malta that have the highest 
emissions per area.

After we ran the model to simulate 1 year’s 
production, dispersion, deposition, and trans-
port of dioxin, approximately 9 kg-TEQ (3%) of 
the annual dioxin production remained in the 
atmosphere. The model predicted that most of 

Figure 13.8. Deposits of dioxin to land (A) and to the world’s oceans (B) presented as toxic equivalents of 
2,3,7,8-tetrachlorodibenzo-p-dioxin after simulating 1 year of transport processes of global atmospheric emis-
sions. (Modified from Booth et al. 2013.)

B

A
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the annual production of dioxin, 163 kg-TEQ 
(57%), was deposited to land areas, and ocean 
waters received approximately 115 kg-TEQ 
(40%). Large parts of North America, most of 
central, northern, and Eastern Europe, as well 
as much of the Indian subcontinent and East 
Asia have high terrestrial depositions of diox-
ins (figure 13.8A). Dioxin depositions to land 
range from 1 × 10–8 mg-TEQ/km2 to 146 mg-TEQ/
km2, with the lower values in the Antarctic 
and the highest values found in Europe and 
South Korea.

The model also suggested that ocean areas 
near the source emission areas also received 
high dioxin loads. These include the northeast 
and northwest Atlantic, Caribbean, Mediter-
ranean, northern Indian Ocean, and large 
parts of the northwestern Pacific and South 
China Seas (figure 13.8B). However, several 
areas of low concentration of dioxins were 
also identified, specifically parts of the west 
coast of South America and northern parts 
of the west coast of North America. Marine 
deposited dioxin ranged from 1 × 10–8 mg-TEQ/
km2 to 33.5 mg-TEQ/km2 and were similar to 
terrestrial deposits in that lower values were 
associated with the Antarctic, but the highest 
values were found in waters off Japan and 
South Korea. High dioxin depositions were 
also found in the marine waters of countries 
around Baltic and Mediterranean Seas.

Dioxin deposited to the oceans results 
from the production of dioxin on land, and 
thus the oceans can act as a sink for dioxin. 
The high seas receive the largest amount of 
dioxin (~36 kg-TEQ) as modeled here, and once 
standardized by area, depositions to the high 
seas are approximately 0.16 mg-TEQ/km2. The 
most affected countries when comparing the 
ratio of deposits to emissions were found in 
Africa and Asia. Of the top twenty affected 
countries, eleven are located in Africa and 
six in Asia. The eleven African countries’ per 
capita GDPs average less than US$250/person/
year, and the Asian countries average less than 
US$450/person/year.

This work provides the opportunity to 
examine the impacts of dioxin on marine 

ecosystems. Coastal shelves provide most of 
the fish destined for human consumption 
(Pauly et al. 2002), and some coastal ecosys-
tems (e.g., eastern North America, China, 
and Europe) receive much larger dioxin loads 
than other marine areas (e.g., most of South 
America and Australia). Past research has 
shown that dioxin levels in fish oils derived 
from forage fish around Europe and eastern 
North America have higher concentrations 
than those sourced from Peru (FAO 2002; 
Hites et al. 2004). We would expect a similar 
relationship for all ecosystem components, 
with higher concentrations found in places 
that receive higher inputs of dioxin.

Our model suggests that the oceans are 
strongly affected by dioxin. Previously, it was 
assumed that the ocean received only about 
5% of the global annual production of dioxin 
(Baker and Hites 2000). Using spatial and 
temporal distributions of dioxin emissions in 
a kinematic model, we have shown that the 
oceans receive approximately 40% of the annu-
al deposits. Although much of this is confined 
to coastal areas, the impacts on the high seas 
are not negligible and have consequences for 
food security. One concern is that dioxin is 
more likely to partition to plastic particles that 
are eaten by marine plankton and fishes, an 
entry point for accumulation (Rios et al. 2010). 
Thus, human populations with high seafood 
consumption levels may be exposed to higher 
levels of dioxin than previously thought.

This model does not account for direct (i.e., 
nonatmospheric) releases of dioxin to land or 
water, and this contributes to the lack of mass 
balance between emissions and depositions 
for dioxin. However, using the Kuznets curve 
for dioxin emissions lowers the mass balance 
discrepancy factor from 12.5 to 9.7. Polar 
regions receive little dioxin over the model 
simulation time of 1 year, but these areas may 
be affected by the accumulation of this toxin 
over longer time periods. Simulations that 
were run for a longer duration would show 
higher levels of dioxin in polar regions as 
dioxin migrated poleward as a result of the 
grasshopper effect.
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Conclusions
The concepts, approaches, and results pre-
sented in this chapter illustrate that marine 
pollution studies, which are often performed 
in isolation from other ecosystem studies, can 
profitably be conducted with modifications 
of standard tools used by marine and fish-
eries scientists (e.g., the EwE and EcoTroph 
approach and software briefly described in 
chapter 9). If this is done systematically, it 
may lead to studies of ecosystem functioning 
and on the impact of fisheries, also providing 
results on the effects of persistent organic and 
other pollutants on ecosystems, biodiversity, 
fisheries, and hence public health. Integrative 
studies of this kind, which, as illustrated here, 
can be performed on a global basis, would thus 
greatly contribute to providing policy-relevant 
results.
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Notes
1.	 Cite as Booth, S., W. W. L. Cheung, A. P. Coombs-
Wallace, V. W. Y. Lam, D. Zeller, V. Christensen, and D. 
Pauly. 2016. Pollutants in the seas around us. Pp. 152–170 
in D. Pauly and D. Zeller (eds.), Global Atlas of Marine Fish-
eries: A Critical Appraisal of Catches and Ecosystem Impacts. 
Island Press, Washington, DC.
2.	 The U.S. EPA reference dose is 0.1 µg/kg body weight/
day.


